Aims Seedling establishment is a crucial life history stage in seagrasses, yet factors that affect seedling health are poorly characterized. We investigated if organic matter (OM) additions to sediments provided nutritional benefits for seagrass seedlings through microbial degradation. Methods We tested the effects of sedimentary OM additions on Posidonia australis seedlings growing in tank cultures. We focussed on sediment biogeochemical processes and microbial communities that may impact seedling growth and physiology. Results Enrichment of sediments with OM changed microbial community composition (DNA-ARISA) and a significant increase in hydrolytic enzyme expression. Total seedling biomass did not differ between OM treatments, but above:belowground biomass increased with OM enrichment. Nitrogen and phosphorus concentration of seagrass leaves was lower with increasing OM.
Introduction
Inorganic nutrient concentrations are often below required concentrations required to maintain primary productivity in marine sandy habitats where seagrasses dominate (McGlathery et al. 2001) . The microbial breakdown of organic matter (OM) supplements primary productivity, and is especially important in low nutrient ecosystems such as tropical forests (Reed et al. 2011) . Similarly, OM buried in marine sediments may represent an important source of nutrients to seagrasses (López et al. 1995; Evrard et al. 2005; Kilminster et al. 2006) . The role of microorganisms in OM breakdown may be particularly important in seagrass sediments as these sediments contain high concentrations of seagrass derived OM (Kennedy et al. 2010) . While this belowground pool has been widely investigated for its role in carbon (C) sequestration (Fourqurean et al. 2012) , the ecological implications of these sediments have not been examined in great detail. Seagrass derived OM consists of a range of organic molecules that differ significantly in their biological availability, but most forms of OM are refractory and not readily available for direct uptake by seagrasses (Danovaro 1996) . Seagrass therefore rely on the metabolic capabilities of their sedimentary microbes to convert complex molecules to more labile forms of dissolved OM and nutrients that are then available for uptake by seagrasses. Conversely, microbes may also reduce nutrient availability through immobilisation of available nutrients into microbial biomass.
Microbes primarily liberate nutrients from OM through the release of extracellular enzymes. Extracellular enzymes play a crucial role in all biogeochemical cycles by being proximate agents in crucial processes such as decomposition (Burns and Dick 2002; ). Enzymes play a complex role in the degradation of plant litter, with numerous enzymes needed to hydrolyse OM at different stages. Plant litter comprises a high proportion of recalcitrant C rich macromolecules such as cellulose, lignin, or hemicellulose. These macromolecules are broken down through the combined enzyme activities of a diverse range of microorganisms (Burns and Dick 2002; . For example, β-glucosidase breaks down cellulose, while α-glucosidase hydrolyses starch (Dick 2011) . Consequently, the release of nutrients via microbial enzyme production is partly dependent on the type and quantity of plant litter . For instance, expression of β -glucosidase and acid phosphatase (associated with C and phosphorus (P) release from OM) in soils was higher in soils amended with grass litter relative to soils without litter addition (Dornbush 2007) . Distinct shifts in the microbial community composition are also apparent during decomposition (Sinsabaugh and Follstad Shah 2012) . These shifts can be directly (C availability, chemical composition of litter) or indirectly (redox, pH) related to the presence of OM. The addition of OM to sediments should therefore result in distinct belowground shifts in microbial communities and enzyme production.
The successful establishment of seedlings is a crucial life history stage in seagrasses. Recolonization through seedling establishment may be particularly important in large degraded areas with high rates of seagrass mortality that limits recovery through asexual propagation. Successful recovery would therefore likely depend on new recruits entering from adjacent populations; with several biotic and abiotic bottlenecks to successful settlement and growth of seedlings (Orth et al. 2005; Rivers et al. 2011) . However, ecological factors influencing seagrass seedling survival post settlement have received limited attention, despite their importance for maintaining populations . In particular, the nutrient requirements of recently settled seedlings are poorly understood. Additions of inorganic nutrients (N and P) did not increase seedling growth or productivity . Instead, the release of nutrients from decomposing OM may be an important source of nutrients to P. australis seedlings. Posidonia australis seedlings grown in tanks with additions of OM showed increased root growth and productivity compared to those grown in control sediments (Statton et al. 2013 ). However, the belowground processes that increase this root growth are not known.
Here, we tested the effects of OM additions on P. australis seedling growth in tank cultures. We also investigated sediment biogeochemical processes and microbial communities that could explain seagrass responses to OM additions. We hypothesised that (i) enzymes involved in C and P cycling would have higher concentrations at higher OM concentrations, (ii) microbial communities would be significantly different in pots with OM compared to pots without OM, and (iii) seagrass seedlings would display higher leaf, root and rhizome biomass and nutrient (N and P) concentrations in sediments with higher concentrations of OM.
Methods

Seedling collection
Posidonia australis fruit were collected from Woodman Point (32°08′10″S, 115°44′31″E) during November 2012. Fruit were transported in seawater back to the Fisheries WA Marine Research Facility at Hillarys, Western Australia. Fruit were left to dehisce naturally over 3 days in a holding tank containing constant flowfiltered seawater. Dehiscence of fruit resulted in the negatively buoyant P. australis seeds (with emerging radicle and prophyll) collecting in numbers on the bottom of the tank. We assessed seeds for viability based on the presence of an intact seed, developing prophyll, and radicle.
Experimental design
The effect of OM addition on seagrass seedling growth and sediment biogeochemistry was investigated using three tanks, each containing eight replicates of six organic matter treatments. Tanks received a 12 h/12 h light regime supplied by artificial metal halide lamps positioned above each tank (250 μmol photons m ), with constantly replaced seawater filtered to 0.2 μm. Replicate seedlings were planted into square pots (70 × 70 mm, 300 mm height) containing one of the six OM treatments (0, 0.5, 1, 1.5, 2, 2.5 % sediment dry weight). Given the quantitative nature of our treatments, we used a 'replicated regression' design to increase the power and flexibility of our experiment (Cottingham et al. 2005) . These OM concentrations represented levels common in natural seagrass sediments, and are comparable to previous P. australis aquaculture experiments (Statton et al. 2013) . Sediment was collected from Woodman Point beach. This sediment was primarily calcareous, and contained negligible quantities of OM (<0.1 % dry wt.) Sediment was dried at 60°C for 72 h prior to addition to pots. Organic matter was sourced from Woodman Point beach wrack and consisted primarily of Posidonia sp. leaves, roots and fibrous leaf sheaths. Organic matter was dried at 60°C for 3 days and ground to <2 mm using a coffee grinder. Sediments were homogenously mixed to a known mass of organic matter according to treatment (Table 1) . A total of 144 replicate seedlings were each randomly planted in individual pots with a randomly assigned treatment. Seedlings were cleaned by hand every 2-3 days to ensure no algal overgrowth that could limit light availability.
Post-harvest measurements
All seedlings were harvested after six months. Prior to harvesting (7 days), five replicate shoots from each treatment within each tank were marked by punching a hole with a pin through all leaves at the top of each shoot sheath (Short and Duarte 2001) . After harvesting, leaves were removed then separated into old and young leaves with ages based on position on shoot (oldest leaf with the lowest vertical position on a shoot, and successively younger leaves positioned in ascending order along the shoot). New leaf growth was defined as the distance between the initial marking scar and base of the leaf (young and old leaves), plus any new unmarked leaves (young) formed during the seven day period. New leaf growth was dried (see above) and weighed for leaf productivity estimates. Seagrass biomass was determined from five replicates in each tank. Seedlings were cleaned of epiphytes and separated in component parts (individual leaves, roots, and rhizomes). These components were then dried at 60°C for 72 h and weighed to obtain biomass. Due to low biomass, leaves from each treatment in each tank were pooled before nutrient and stable isotope analyses. Leaves were ground to a fine powder using a steel ball-mill. Carbon (C) and N concentrations were determined using an Automated C/N Analyser-Mass Spectrometer consisting of a 20/22 mass spectrometer connected to an ANCA-S1 preparation system (Sercon, Crewe, UK) at the Western Australian (17) 226 (16) 269 (12) 239 (4) 268 (7) 287 ( Biogeochemistry Centre at the University of Western Australia. All samples were standardized using multipoint normalization against a secondary reference of Radish collegate (3.167 % N, 41.51 % C,), which was in turn standardized against primary analytical standards (International Atomic Energy Agency, Vienna) (Paul et al. 2007 ). The external error of analyses (one standard deviation) was no more than 0.1 for C:N ratio. Phosphorus contents of seagrass and sediment samples were determined using a dry-oxidation and acid hydrolysis technique, followed by a colourimetric analysis of the phosphate concentration of the extract . Phosphate concentrations were compared with Australian Soil and Plant Analysis Council Standards 102 (Pinus radiata) and 105 (Eucalyptus sp.), which were treated accordingly. We found this technique to yield 94-101 % of the reported P content of ASPAC Standards 102 and 105. Elemental concentrations of seagrass and sediment samples were calculated as a percentage of dry weight, and converted to elemental ratios.
Sediment biogeochemistry
The activities of four hydrolytic enzymes were measured using standard colourimetric methods (Dick 2011) . The enzymes and substrates used were (i) α-glucosidase assayed with 4-Nitrophenyl α-Dglucopyranoside, (ii) β-glucosidase assayed with 4-Nitrophenyl β-glucopyranoside, (iii) acid phosphatase and (iv) alkaline phosphatase both assayed with 4-nitrophenyl phosphate disodium hexahydrate. Briefly, 1.00 g of sediment was added to a 50 ml Erlenmeyer flasks with 4 mL of modified universal buffer (pH = 6.00 for α-glucosidase and β-glucosidase, pH = 6.50 for acid phosphatase and pH = 11.00 for alkaline phosphatase) and 1 mL substrate, and were incubated at 37°C for one hour. Following incubation, 1 mL of 0.5 M CaCl 2 and 4 ml of 0.5 M NaOH (for phosphatases) or 4 ml 10 mM tris(hydroxymethyl) aminomethane (pH = 12, for glucosidases) were added to stop the reaction. The final nitrophenol concentrations were determined photometrically at 400 nm. Resin extractable P was measured using anion exchange membranes that are a good representation of P that is available for uptake by plants (Cooperband and Logan 1994; Cheesman et al. 2010; Bünemann et al. 2013 ). Membranes were cut into 4 cm × 1 cm strips, and four were inserted into sediments in each pot. The membranes were left for four weeks to reach equilibrium with porewaters, before being removed, rinsed in DI water, and placed in 30 ml 0.5 M HCl. Resin extractable P was then measured from HCl extracts using the Murphy Riley method for colourimetric determination of P concentrations (Murphy and Riley 1962) . Sediment redox potential was measured six months after sediments were installed using a platinum electrode connected to a pH electrode and measured as millivolts. Platinum electrodes were left in sediments for 48 h to allow biogeochemical profiles to be re-established after initial disturbance. No data was collected for redox potential in 2.5 % OM treatments due to logistical difficulties. Sediment penetration resistance was measured using a Pocket Penetrometer (Humboldt Mfg. Co., Illinois, US).
Microbial molecular community identification
Surface sediment samples (2 ml, 0-2 cm depth) for DNA extraction and genetic analysis were collected from pots using a 3 ml syringe. Samples were transferred to a 2 ml cryovial, and immediately frozen in liquid nitrogen (N) before storage at −80°C. Sediment samples were then homogenized using a sterile metal spatula, and 0.5 g was added to a 2 ml Eppendorf tube. DNA was extracted from sediments using the MP Bio Fast DNA SPIN kits for soil (MP Bio, California, United States of America) with some modifications (Abell et al. 2011) . DNA was eluted in nuclease-free water and DNA extraction was confirmed by agarose gel electrophoresis. DNA was amplified using universal bacterial primers 16S-1392F (5′-GYACACACCGCCCGT-3′) and a 5'HEX labelled version of the reverse primer 23S-125R (5′-GGGTTBCCCCATTCRG-3′) (Hewson and Fuhrman 2004) . 50 μL reactions containing 1 μL DNA, 25 μL of GoTaq Green Master Mix (Promega, Australia), 2 μL of Bovine Serum Albumin (Promega), 1 nM of each primer were amplified as follows: initial denaturation at 94°C for 3 min, followed by 35 cycles of 94°C for 1 min, 55°C for 1 min 30 s and 72°C for 1 min 30 s, and a final extension step of 72°C for 10 min. Successful amplification was confirmed by gel electrophoresis, and PCR products were purified using AMPure magnetic beads (Agencourt, Beckman Coulter Life Science, USA) according to the manufacturer's instructions, resuspended in 40 μL of TE buffer and quantified using a Nanodrop 8000 spectrophotometer (ThermoScientific, Wilmington, USA).
Microbial community DNA was analysed by Automated Ribosomal Intergenic Spacer Analysis (ARISA). Approximately 25-40 ng of purified amplified PCR reaction was mixed with 0.4 μL of internal size standard (GS1200-Liz, Applied Biosystems) in deionised formamide and denatured at 94°C for 2 min. Denaturing capillary electrophoresis (on a 50 cm capillary array) was carried out using an ABI 3130XL genetic analyzer (Applied Biosystems). ARISA profiles were analysed using GeneMapper v3.7 (Applied Biosystems), with peak height as a measure of community presence, and a peak threshold of 50 relative fluorescence units greater than the baseline.
Statistical analysis
Relationships between seagrass biomass, productivity, nutrient content, sediment enzyme expression and organic matter content were analysed using linear regression analysis. Prior to analysis, data were checked for normality and homogeneity of variances. The relationship between the sediment microbial community and measured environmental variables was investigated using a distance-based multivariate multiple regression model (distance linear based model [DistLM] ) marginal tests with a Bray-Curtis distance matrix based on 9999 permutations. Seagrass and sediment biogeochemistry data were analysed using R version 3.1.1 (R Core Team 2014) using the base program and the 'ggplot2' package for graphics (Wickham 2009 ). Variation in microbial community structure between samples was analysed in PRIMER v6.0 (Clarke and Gorley 2006) with the PERMANOVA+ Add-on (Anderson et al. 2008) .
Results
Sediment biogeochemistry
Redox potential in sediments strongly decreased with the addition of organic matter (Fig. 1a , R 2 = 0.86, p < 0.0001, n = 15), indicating more reducing conditions in sediments. Redox potential ranged from a maximum of −92.9 mV (± 9.9 mV) in sediments with 0 % OM to −375.4 mV (±14.2 mV) in sediments with 2.0 % OM. Penetration resistance in sediments was significantly greater with the addition of organic matter (Fig. 1b , R 2 = 0.93, p < 0.0001, n = 18), indicating a higher force needed for roots to penetrate into sediments. Resin extractable P tended to decrease in sediments as the concentration of OM increased, although this was not statistically significant at p = 0.05 (R 2 = 0.15, p = 0.059, n = 24, data not shown).
Enzymes involved in C cycling showed variable responses to OM enrichment (Fig. 2) . α-glucosidase expression was not significantly related to concentration of OM in sediments (Fig. 2a, R 2 = 0.08, p = 0.13, n = 18). β-glucosidase expression significantly increased as the concentration of OM in sediments increased, indicating the potential for increased cellulose degradation (Fig. 2b , R 2 = 0.79, p < 0.0001, n = 24). Enzymes involved in releasing phosphate from OM had higher expression in sediments with OM added, in comparison to the 0 % OM treatment. Alkaline phosphatase expression also significantly increased as OM content in sediments increased (Fig. 2c , R 2 = 0.45, p = 0.0009, n = 24). Acid phosphatase expression significantly increased as sediment OM concentration increased (Fig. 2d , R 2 = 0.53, p < 0.0001, n = 24).
Microbial community structure
The sediment microbial community composition was significantly altered upon enrichment with OM (PERMANOVA p < 0.001). Pairwise differences between treatments tended towards significance where differences in OM content were largest. For example, there were no significant pairwise differences between the 0 %, 0.5 %, 1 %, and 1.5 % OM treatments, whereas the 2.5 % OM treatment was significantly different to all treatments except 1.5 % OM, which showed overlap with communities from enriched and non-enriched treatments. The other environmental data measured in the experiment only accounted for 16 % of the total variation in the microbial community (Fig. 3) . Changes in microbial communities were most strongly correlated to changes in sedimentary organic matter content (accounting for 12.2 % of the variation), β-glucosidase expression (10.8 % of total variation), and sediment redox potential (10.6 % of total variation). All other variables accounted for <2 % of the variation in the microbial community (i.e. over 50 % of the microbial community variability is unexplained by our measured variables).
Seagrass biomass
Total seagrass seedling biomass did not significantly change with OM amendments (Fig. 4a , R 2 = 0.003, Fig. 1 Relationship between sediment organic matter % and a sediment redox potential (n = 3) and b sediment penetration resistance (n = 3). Black dots represent data points, dashed lines represent linear models fitted to the data, and the grey outline shows 95 % confidence intervals. Note that no data was collected for redox potential in 2.5 % OM treatments p = 0.092, n = 90). Similarly, seedling leaf biomass did not change significantly with OM addition (Fig. 4b , R 2 = 0.01, p = 0.302, n = 90). Organic matter enrichment did not change total leaf productivity (Fig. 4c , R 2 = 0.01, p = 0.47, n = 90) or productivity in young leaves (R 2 < 0.01, p = 0.9, n = 90, n = 19). There were strong relationships in the biomass allocation between different leaves among OM treatments. Biomass was significantly greater in older leaves at lower OM concentrations (Fig. 4d , R 2 = 0.32, p < 0.0001, n = 90), while biomass was significantly greater in newer leaves at higher OM concentrations (R 2 = 0.13, p = 0.016, n = 90).
Rhizome biomass decreased significantly with sediment OM enrichment, although this relationship was weak (Fig. 5a , R 2 = 0.059, p = 0.012, n = 90) and non-linear. Root biomass also decreased significantly with OM enrichment; again this relationship was weak and non-linear (Fig. 5b , R 2 = 0.047, p = 0.023, n = 90). Total belowground biomass decreased significantly upon OM addition (Fig. 5c , R 2 = 0.078, p = 0.008, n = 90). The decrease of root and rhizome biomass at high OM led to a significant increase in above:belowground biomass with OM enrichment (R 2 = 0.046, p = 0.024, n = 90). 
Seagrass nutrient concentrations
The nutrient concentration of seagrass leaves was variable with OM enrichment (Table 1) . Carbon (R 2 = 0.05, p = 0.78, n = 18), nitrogen (R 2 = 0.15, p = 0.06, n = 18), and phosphorus (R 2 = 0.13, p = 0.08, n = 18) concentrations in seagrass leaves did not significantly change with OM addition. However, the carbon:nitrogen (C:N) ratio of seagrass leaves significantly increased with increasing OM concentrations (R 2 = 0.41, p = 0.0042, n = 18). Carbon:phosphorus (C:P) ratios of seagrass leaves tended to increase with elevated OM concentrations, though this relationship was weaker and not significant at the 0.05 level (R 2 = 0.20, p = 0.062, n = 18). Nitrogen:phosphorus (N:P) ratios of seagrass leaves showed no significant relationship to OM concentrations (R 2 = 0.02, p = 0.2768, n = 18).
Discussion
Seagrass detritus is a ubiquitous component of OM in seagrass sediments. Consequently, established seagrass meadows have been considered as hotspots for C burial over long temporal and spatial scales (Fourqurean et al. 2012) , but the ecological importance of this OM over smaller temporal and spatial scales is largely unknown. Here, we show the significant impacts of seagrassderived OM on the biogeochemistry and microbial communities within sediments, and on biomass partitioning in P. australis seedlings. Elevated seagrass OM concentrations in sediments strongly increased the expression of hydrolysing enzymes in sediments, confirming our first hypothesis. The enzymes examined were those involved with C and P release from complex organic molecules (Fig. 2) . We found that the addition of OM led to distinct changes in biogeochemical conditions in sediments between treatments, which could alter sediment nutrient availability. Resin P tended to decrease with OM enrichment, and increased production of phosphatase indicated a likely alteration in the physiological demands of the microbial community. For example, the addition of OM could have released the microbial community from C limitation, shifting demands onto other nutrients (e.g. P) (Haugwitz and Michelsen 2011) . The immobilization of P and N into microbial biomass could then reduce the concentrations in porewaters, resulting in increased plant-microbial competition for nutrients. An increase in plant-microbe competition for nutrients after OM enrichment has been well established in agricultural systems (Lehmann et al. 2011; Quilliam et al. 2012) . Alternatively, the greater aboveground biomass in OM enriched treatments may have led to a dilution of potential nutrient impacts, though the necessary pooling of samples for nutrient analysis prevent us from exploring in further detail. Regardless, the ecological role of seagrass detritus on sediments is poorly known, and has largely been considered as a refractory pool of C Fig. 3 Relationship between environmental data and changes in sediment microbial communities measured by ARISA. Numbers and shading denote organic matter treatment (0-2.5 % OM). Plot represents a distance based redundancy analysis (dbRDA) ordination of ARISA trace data derived from Bray-Curtis distance matrix and with environmental variables chosen by stepwise selection. The axes plotted account for 16.4 % of the total variation due to low turnover rates (Mcleod et al. 2011) . We suggest that in natural meadows, the deposition of detritus may increase competition for nutrients between seagrasses and microbes as meadows age and deposit more OM into sediments, shifting nutrient limitations as meadows develop. However, the extent of nutrient limitation would depend on other nutrient inputs, such as sedimentation of suspended materials, which are also enhanced by seagrass cover (RisgaardPetersen and Dalsgaard 1998; Gacia and Duarte 2001) . Clearly, the ecological role that seagrass detritus plays in coastal sediments must be considered when examining the biogeochemistry of seagrass meadows.
There were significant shifts in the sedimentary microbial community as OM concentrations increased, confirming our second hypothesis. Increased seagrass OM concentrations may have benefitted microbial groups that were actively able to utilise the substrate by releasing enzymes (Coolen et al. 2011; Khodadad et al. 2011) , or by altering environmental conditions (Allison and Martiny 2008) . We observed here that seagrass OM addition resulted in more reduced sediments (Fig. 1a) , which would favour microbes that require little or no oxygen, such as sulphate reducers (Rosselló-Mora et al. 1999 ). These bacterial taxa play an important role in OM remineralisation in marine sediments, and within the plant rhizosphere may even form mutualistic relationships with seagrasses, due to the capacity of many sulphate reducers to fix N, thereby making it available for uptake by the plant (Welsh 2000) . It appears that 1.5 % OM in sediments may represent a threshold concentration, after which a significant shift in the microbial community composition occurs. It is unknown whether such a threshold would also hold true in situ; especially given the capacity of large seagrass root systems to oxygenate sediments (Greve et al. 2003; Pedersen et al. 2004; Borum et al. 2005) , therefore buffering environmental conditions and, presumably, microbial metabolic processes. Given that sulphide intrusion from sediments has been suggested as a contributor of seagrass decline (Borum et al. 2013; Holmer and Hasler-Sheetal 2014) , the role of sulphate reducers in seagrass sediments warrants further investigation.
There were modest decreases in root and rhizome biomass in seedlings growing in enriched OM treatments (Fig. 5) . Posidonia australis exhibits strong architectural and morphological plasticity in root growth under changing environmental conditions. For example, P. australis growing in summer at Oyster Harbour, Australia had more lateral roots than in winter (Hovey et al. 2011; Hovey et al. 2012) . Drivers of root plasticity are well known in many terrestrial plants, but factors that influence root growth and morphology in seagrasses are poorly characterised, despite the importance of seagrass roots for nutrient uptake and anchorage (Alcoverro et al. 2000; Belzunce et al. 2008) . Our study shows that P. australis seedlings demonstrate plasticity in root growth even at an early developmental stage (<6 months after settling) when exposed to variable OM concentrations, even if the mechanisms for this are still unknown. Signalling compounds such as hormones may play a role in seedling root development, though have shown variable results in previous experiments with Posidonia spp. (Balestri and Bertini 2003; Glasby et al. 2015) .
Seagrass OM addition led to limited changes in aboveground seedling biomass and productivity (Fig. 4, Table 1 ). The use of nutritional reserves in seedlings or uptake of nutrients from seawater may have homogenised responses to increased OM, even where some treatments may confer an ecological advantage over a longer timescale. Though productivity did not significantly change between treatments, seedlings allocated more biomass to old leaves when growing in low OM sediments, and to new leaves when growing in high OM sediments. This suggests changes in leaf senescence rates. Leaf senescence is a plastic trait that is highly dependent on environmental conditions such as nutrient availability (Guo and Gan 2005) . By signalling a high availability of C relative to N in old leaves, sugar accumulation triggers leaf senescence, remobilizing N into new leaves and preventing loss of N from the plant (Wingler 2005) . Nitrogen accumulation was lower in high OM treatments ( Table 1 ), suggesting that a decrease in N availability driven by OM additions may alter leaf senescence rates.
We did not find significant evidence supporting the previous hypotheses that seagrass derived OM assists P. australis seedlings through sediment microbial activity (Statton et al. 2013 ), but there are other ecological advantages that higher seagrass OM concentrations in sediments may provide to seedlings. Though sediment penetration resistance was greatest in sediments with higher OM concentrations (Fig. 1b) , the level of physical force required to remove seedlings from sediments was also greater in sediments with higher OM concentrations (J. Statton, pers. Comm). Sediment OM enrichment increases secondary and tertiary branching of P. australis roots (Statton et al. 2013) , which increase stability in sediments (Grossnickle 2005) . As a result, the presence of OM may assist seedlings in early survival by limiting hydraulic removal; a major bottleneck to seedling survival (Kirkman 1999; Statton et al. 2012 ). An increase in anchorage potential in organic rich sediments would have implications for seagrass recovery following dieback events that can input large volumes of seagrass-derived OM into sediments Fraser et al. 2014 ). This may also have restoration implications, as hydrodynamic scouring is a major problem in seagrass restoration projects (Statton et al. 2012 ). Choosing sites with higher seagrass OM in sediment or preconditioning sediments with seagrass OM prior to transplanting may provide means of increasing restoration success.
The addition of seagrass OM to sediments also changed other physical conditions that could have influenced seedling health. Sediments with higher OM concentrations had significantly more negative redox potentials (Fig. 1a) , indicative of lower oxygen concentrations resulting from increased respiration rates. Increased OM concentrations in seagrass sediments also increase sulphide in porewater, which can contribute to seagrass dieback through sulphide intrusion (Borum et al. 2005) . Seagrasses are particularly susceptible to sulphide intrusion during times of low oxygen concentrations. However, we found no decrease in seagrass health or survival in high OM treatments in this experiment. The contribution of sedimentary organic matter to toxic sulphide intrusion may be overestimated due to the nature and concentrations of OM added in previous experiments. For example, experimental additions of OM are often in unique forms that would not be found in significant concentrations in natural seagrass sediments such as sugar (Pérez et al. 2007) or sodium acetate (Ruiz-Halpern et al. 2008) , and therefore would not be ecologically representative of in situ conditions. Similarly, conclusions drawn from natural experiments have often been conducted in highly degraded systems such as fish farms with anthropogenically derived OM additions that again may not represent conditions that are typically found in healthy seagrass meadows (Delgado et al. 1999) . The dominant source of OM in most natural seagrass meadows would be seagrass detritus, especially in meadows dominated by large, longlived species such as P. australis (Fourqurean et al. 2012) . Seagrass detritus is notoriously refractory in nature. The high difference in lability between the OM additions in this and other experiments would result in very different below ground impacts -with differences in decomposition rates, and microbial and environmental shifts resulting from the additions. This is evidenced by the lack of negative impacts on seedlings here and in similar experiments (Statton et al. 2013) , and the often-abundant growth of seagrasses upon sediments naturally enriched with seagrass derived OM. For example, seagrasses form highly productive meadows in blue carbon hotspots like the Mediterranean Sea and Shark Bay, Western Australia, even where sedimentary sulphide concentrations are high . The ecological consequences of OM enrichment of seagrass sediments will be highly dependent on the types and quantities of OM added. Future experiments should focus on adding OM types and concentrations that are representative of natural conditions if ecologically relevant conclusions are desired.
